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„Das ist in meinen Augen gerade der große moralische Wert der naturwissenschaftlichen 
Ausbildung, daß wir lernen müssen, Ehrfurcht vor der Wahrheit zu haben, gleichgültig, ob sie 
mit unseren Wünschen oder vorgefaßten Meinungen übereinstimmt oder nicht“  
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 Abbreviations and symbols 
 
∆G Gibbs energy 
∆H0 standard enthalpy 
∆Hads adsorption enthalpy 
ε ion interaction parameter 
γ activity coefficient 
A Debye-Hückel parameter  
a activity 




, empirical constant 
c concentration 
cads amount of adsorbed substance 
CEC cationic exchange capacity 
ceq concentration or partial pressure of the non-adsorbed amount of a 
substance 
cim immobilised amount of a substance 
De diffusion coefficient 
HLW high-level nuclear waste 
HPLC high pressure liquid chromatography 
I ionic strength 
IAP ion activity product 
ICP-MS mass spectrometry with inductively coupled plasma 
K formation constant of separated ions from a solid 
Kd distribution coefficient 
KF Freundlich coefficient 
KH Henry coefficient 
KL Langmuir coefficient 
k velocity constant 
mu molality of the ion u 
n Freundlich exponent 
OPA Opalinus Clay 




Rd retention coefficient 
SI saturation index 
SIT specific ion interaction theory 
SP sodium perchlorate 
T temperature 
t1/2 half-life 
WC waste cocktail 
z ion charge 




1. Abstract  
 
The safe storage of high-level nuclear waste in deep geological formations is nowadays a great 
task for humanity since the materials will be harmful for several hundreds of thousands of years. 
To ensure the safe storage, all relevant interactions between the radionuclides, the technical 
barriers, the construction material and the surrounding host rock have to be known. This work 
contributes to a long-term safety case for a potential repository in clay formations in northern 
Germany as a model region. The retention behaviour of Eu3+ and UO22+ on Opalinus Clay as 
reference host rock is investigated in 0.01 M NaOCl4 and 0.4 M reference Opalinus Clay pore 
water. In this experiments, the pH value (2-12), the temperature (25 and 60 °C) and the content 
of organic matter are varied. Furthermore, the adsorption of Cs+ on Calcigel as potential buffer 
and backfill material is determined in high saline solutions (0.1-5 M). This is also done in 
presence of other relevant elements (Eu3+, UO22+ and I-). For the latter, a new method to measure 
iodine under acidic conditions via mass spectrometry with inductively coupled plasma is 
developed. Therefore, iodide gets oxidised by NaOCl to iodate. Following this, it is possible to 
quantify the metals and iodide in one measurement. The adsorption of Cs+ on Calcigel takes 
place under all investigated conditions but decreases with increasing ionic strength. The 
experiments can also be simulated very well via ion exchange modelling. 
 
 
Heutzutage ist die sichere Lagerung von hochradioaktivem Abfall in tiefen geologischen 
Formationen eine der größten Herausforderungen für die Menschheit, da seine Radiotoxizität 
für mehrere hunderttausend Jahre bestehen bleibt. Um die sichere Lagerung zu gewährleisten 
müssen alle relevanten Wechselwirkungen zwischen den Radionukliden, den technischen 
Barrieren, dem Konstruktionsmaterial und dem Wirtsgestein bekannt sein. Diese Arbeit trägt 
zur Langzeitsicherheitsanalyse eines potentiellen Endlagers in Tongesteinsformationen in der 
Modellregion Norddeutschland bei. Der Rückhalt von Eu3+ und UO22+ an Opalinuston als 
Referenzwirtsgestein wird in 0,01 M NaOCl4 und 0,4 M Referenzporenwasser untersucht. In 
diesen Experimenten wird der pH-Wert (2-12), die Temperatur (25 und 60 °C) und der Gehalt 
an Organik variiert. Des Weiteren wird die Adsorption von Cs+ an Calcigel als potentiellem 
Buffer- und Verfüllmaterial in hochsalinen Lösungen (0,1-5 M) bestimmt. Dies wird auch in 
Anwesenheit anderer relevanter Elemente (Eu3+, UO22+ und I-) durchgeführt. Dafür wird eine 




sauren Milieu zu bestimmen. Diese Methode ermöglicht es, die Metalle und Iodid in einer 
Messung zu quantifizieren. Die Adsorption von Cs+ an Calcigel findet unter allen untersuchten 
Bedingungen statt, sinkt jedoch mit zunehmender Ionenstärke. Die Experimente können zudem 





2. General part 
2.1 Introduction  
 
In 1934, Enrico Fermi irradiated uranium atoms with neutrons (Fermi et al., 1934). Around four 
years later, on 17th December 1938, Otto Hahn and Fritz Straßmann showed, that the result of 
Fermi’s experiment were non-natural barium isotopes, amongst others (Hahn and Strassmann, 
1939). When Lise Meitner and Otto Frisch described the process theoretically in 1939, this was 
the hour of birth for the use of nuclear power both in civil and military way (Flügge, 1939; 
Meitner and Frisch, 1939a, 1939b; Reed, 2014).  
Since then, also a great task for humanity arose: the safe storage of nuclear waste, which radiates 
for many hundreds of thousands of years. The danger for humans and the environment comes 
not only from the radiotoxicity. Most of the substances are heavy metals and also chemotoxic 
(Duffield and Williams, 1986; Buchheim and Persson, 1992; Grivé et al., 2015). These toxic 
substances have to be stored in a place, where no interaction with the environment is possible 
and additionally safe from unauthorised access.  
Today, it is international consensus to store the high-level nuclear waste (HLW), which emits 
> 99% of the radioactivity contained in the whole radioactive waste (Röhlig et al., 2012), in 
deep geological formations such as salt rock, clay formations or granite bedrock. 
Owing to the very long half-lifes (t1/2) of some radionuclides, a long-term safety case for a HLW 
repository is absolutely necessary. For this purpose, a lot of laboratory experiments were and 
are done concerning the reversible and irreversible immobilisation of radionuclides or their 
homologues (Dickson and Glasser, 2000; Lee et al., 2006; Kautenburger and Beck, 2010; 
Hamed et al., 2019; Missana et al., 2019). For such experiments, which require the 
determination of many different elements at trace levels, mass spectrometry with inductively 
coupled plasma (ICP-MS) is a useful tool. Certainly, it is not feasible to anticipate every 
possible process or interaction concerning the HLW for the next million years. Therefore, the 
experiments were additionally simulated via computer programs to develop a model which 
enables a prognosis of the radionuclides’ and barriers’ behaviour under varying conditions 
(Seveque et al., 1992; Montes-H et al., 2005; Marty et al., 2010; Cao et al., 2019; Ma et al., 
2019).    
In the present work, adsorption experiments and their geochemical simulations are done as a 
contribution to the long-term safety case for a potential HLW disposal under conditions 




Raw Opalinus Clay (OPA) is studied as reference clay for a possible host rock. The retention 
behaviour of Eu3+ and UO22+ on OPA is described at room and elevated temperature T (60 °C), 
since HLW emits heat in the first hundreds of years. This is done in 0.01 NaClO4 as inert 
reference background electrolyte and OPA pore water (0.4 M). The salinity of clay pore waters 
in northern Germany is expected to be high saline (up to 5 M NaCl with additional high valent 
cations) (Klinge et al., 2002). Adsorption experiments are done in a wide pH range (2-12) with 
respect to different dissolution and precipitation effects of the OPA minerals and are also 
simulated by ion exchange modelling. The influence of humic acid and lactate as natural 
occurring, potential complexing agents on the retention behaviour of the two metals is also 
described.   
Calcigel, a raw Ca-bentonite, is investigated as potential buffer and backfill material in a HLW 
disposal. The adsorption of different Cs+ concentrations, as very mobile cation, on Calcigel in 
very high saline (0.1-5 M), NaCl based solutions is analysed by batch experiments as well as 
theoretically via ion exchange modelling. Adsorption experiments on pure Na-montmorillonite 
in comparison to Calcigel are also done. Hereby, the influence of the inhomogeneity of non-
threated Calcigel is tested.  
Furthermore, the development of new measurement applications is indispensable to investigate 
the phenomena concerning the long-time storage of HLW under realistic conditions. Here, a 
new method to quantify iodine via ICP-MS under acidic conditions is presented. It allows 
experiments with iodine or iodide in the presence of other, even high valent metal ions and a 
simultaneous quantification. This is highly time- and resource-saving compared to the alkaline 
iodine measurement techniques via ICP-MS known from the literature (Reid et al., 2008; Novo 
et al., 2019). High valent metals could precipitate under non-acidic conditions whereas iodine 
forms volatile compounds at pH < 7. So, every sample would have to be measured twice without 
the new method. Since the HLW will not be separated before the storage, the Cs+ adsorption on 
Calcigel is also investigated in the presence of other HLW relevant elements (Eu3+, UO22+ and 







2.2 Final disposal problem 
2.2.1 Civilian use of nuclear power 
 
Since 1954, nuclear fission is used in power plants to produce energy and the first reactor could 
supply 5 MW (Petros’yants, 1964; Sinev et al., 1964). Today, this technology is applied 
worldwide and altogether more than 450 nuclear reactors are operating in power plants, with 
each of them generating an average power of around 900 MW. The most common reactor type 
is the pressurized water reactor (65% in numbers, 70% in supplied energy) (International 
Atomic Energy Agency, 2019) which is constructed with three separated water circuits. The 
first provides the cooling of the reactor core and transfers the heat originating from the core’s 
chain reaction to a steam generator, where water in the second circuit is evaporated and activates 
a turbine to generate power. The heat that cannot be used for power generation is carried off by 
the third circuit, the cooling water system (Lips, 2005).   
The huge advantage of nuclear power plants is the potential to produce a lot of electricity, 
whereas no exhaust emissions are produced, such as CO2. For many countries, the nuclear 
power is a high-performance source of energy in accordance with environmental protection. 
However, there are also two disadvantages. Therefore, some countries including Germany stop 
their generation of energy out of nuclear fission (Nohrstedt, 2008; Jahn and Korolczuk, 2012; 
Hayashi and Hughes, 2013).  
The first and perhaps most urgent disadvantage are serious accidents, which could happen and 
happened before, due to human or technical failure with disastrous consequences for humanity 
and the environment. On 28th March in 1979, the core of a reactor in Three Mile Island 
(Harrisburg, USA) melted partially leading to the release of a small amount of radioactive 
material (mainly Xe-133 and Kr-85) (Collier and Davies, 1980; Rogovin and Frampton Jr., 
1980; Bartlett et al., 1983; Marksberry et al., 2016). The worst accident in the context of nuclear 
energy so far happened on 26th April in 1984 in Chernobyl (Ukraine) where a reactor exploded. 
It released plenty of radioactive material in the earth atmosphere. A plume, loaded with 
radioactive isotopes, gathered over the complete northern hemisphere. As a consequence of 
this, the cancer rates increased significantly in some regions. A combination of human 
incompetence and a fatal construction failure of the reactor’s control rods was the reason for 
this disastrous accident. It led to the dead of assumed 4,000 - 93,000 people (official number: 
31, which died due to the blast or acute radiation exposure) and a 30-km exclusion zone around 




Hedgecock, 1991; Kazakov et al., 1992; Reponen et al., 1993; Molero et al., 1999; Nuclear 
Energy Agency, 2002; Williams, 2002). The latest incident was in 2011. A submarine 
earthquake (magnitude 9.0) caused a blackout in the region of Fukushima Daiichi. Due to this, 
the power plant’s reactors were shut down automatically and the emergency generators started 
to work. This ensured a permanent cooling of the reactor cores and the nuclear fuel in the spent 
fuel pit. Around one hour later, a tsunami hit the east coast of Japan, flooded the nuclear power 
plant and destroyed the emergency power supply. In the following, the cores of three reactors 
melted and several explosions and fires damaged the reactor buildings. These led to a release 
of radiant material into the atmosphere and (direct and indirect) into the sea (Nagatani et al., 
2013; Wada et al., 2013; International Atomic Energy Agency, 2015; Kubo et al., 2018).  
Beside this pervasive danger, there is another disadvantage of nuclear power plants and it is 
growing bigger, with every year the reactors are in operation: the radioactive waste. It originates 
not only from nuclear power plants, but also uranium mines, hospitals and some research 
institutions are generating radioactive waste. However, they produce it only in a small amount. 
Commonly, the waste is distinguished in three different types: low-, intermediate- and high-
level nuclear waste (International Atomic Energy Agency, 1981, 1994; Baisden and Choppin, 
2007). Low-level nuclear waste contains mainly contaminated materials such as shoe covers, 
clothing, syringes and other laboratory equipment which was in short contact with radiant 
material. Its activity is normally slightly higher than natural background activity and no heating 
is expected. Intermediate-level nuclear waste has a higher activity but still no generation of heat 
is expected. The most problematic waste are high-level radioactive materials such as non-spent 
fuel, fission products and radiated parts of reactor buildings. In Germany, these kinds of nuclear 
waste are nowadays also considered but they are classified in only two groups: negligible heat-
generating waste and heat-generating waste. The first includes low- and intermediate-level 
nuclear waste whereas the second category describes HLW (Nuclear Energy Agency, 2005, 
2016). Currently, the International Atomic Energy Agency proposes even six subclasses of 
nuclear waste, based on the half-life and activity content (International Atomic Energy Agency, 
2009). In agreement with the economic efficiency, these kinds of waste have to be stored 
separately with regard to variable safety requirements.  
Some research focuses on the transmutation of HLW. This means the separation and 
subsequently neutron irradiation of long-lived radionuclides. It is possible to shorten the 
necessary storage time of HLW around a hundred times with this procedure (Salvatores, 2005; 
Wallenius, 2019). Whether this procedure is feasible depends on the economic efficiency. A 








2.2.2 Radioactive waste disposals in Germany 
 
Until 1996 when the United Nations ratified the London Protocol, it was almost common to 
dispose radioactive waste simply in a preferable easy way, by dumping it into the sea, in rivers 
or just burying it somewhere in the environment (Weißenburger, 1996; International Atomic 
Energy Agency, 1999; International Maritime Organization, 2006). Nowadays, it is 
international consensus to store at least the HLW in deep geological formations, to pretend 
humanity and the environment from the radioactive materials for the next hundreds of 
thousands of years.  
In Germany, the history of nuclear waste disposal is controversial and full of challenges, 
because the acceptance of the general public in almost every decision concerning this topic is 
very low. In the 1960s, a former salt mine in Morsleben was determined for the storage of low- 
and intermediate-level nuclear waste in East Germany (HLW could be restored to the USSR). 
Even before the license was accorded and structural measures were operated, the deposition of 
waste from Dresden began due to lack of space in the intermediate store. A long-term proof of 
safety was never adduced. Meanwhile the mine is in danger of collapsing because of the 
excessive mining and has to get stabilised. The actual consensus is to close the repository, while 
the 37,000 m³ of radioactive waste remain there (Bundesamt für Strahlenschutz, 2017a; 
Bundesgesellschaft für Endlagerung, 2019).  
Also in West Germany, the final repository should be in a salt stock. They are already stable 
since many million years and are able to creep and following this, to close small leakages. The 
former salt mine Asse was chosen as research mine to investigate technical aspects for a nuclear 
waste disposal in 1965. Six years later, this research mine was additionally used as repository 
for low- and intermediate-level waste, without completed long-term safety considerations. 
There are a lot of digging chambers very close to each other based on the extraordinary intensive 
lining in Asse. For this reason, the intermediate ceilings trend to break, leading to instability 
and water intrusions. Nowadays, Asse is going to be closed and the stored radioactive waste 
has to be removed and stored additionally in a HLW disposal, once it is constructed (Bundesamt 




repository for every kind of nuclear waste. In 1979, Gorleben was chosen as experimental mine, 
although there were also other salt stocks supposed and almost no geoscientific investigations 
conducted. An interim storage was built but no nuclear waste was embedded in the deep salt 
stock. Today the interim storage Gorleben is still in operation, but the storage is interrupted, 
until a final decision for the safest place for a HLW disposal is made.  
Before, almost every decision in relation to Morsleben, Asse and Gorleben was made without 
respect to the general public, which explains the negative atmosphere coming up when the 
government is talking about final disposals for nuclear waste. Besides this, the Konrad mine, 
which was also investigated in the 1970s, applies as repository for negligible heat generating 
nuclear waste. Since 2007, there is a valid license to build and operate the former iron mine as 
repository for 303,000 m³ low- and intermediate-level nuclear waste (Bundesamt für 
Strahlenschutz, 2017c). In the context that there was no comparative site selection and several 
delays during the construction (so far, it will last until 2027) and consequently much higher 
costs, there are still some protests against the Konrad mine.  
Nevertheless, in 2013 the German government declared by law a restart concerning the search 
for a HLW disposal and additionally, they underlined that the waste must not be stored abroad 
(Standortauswahlgesetz, 2013). Until 2031, different geological formations (clay, salt rock and 
crystalline rock) in the whole country should be investigated as potential sites (Figure 1), without 
consideration of existing structures and former studies (“white map”). The complete process 
should be transparent and the concernings of the public should be listened. At the end of the 
process, the long-term safety of sites coming into question will have the first priority for the 
decision (Kommission Lagerung hoch radioaktiver Abfallstoffe, 2016).  
Studies have shown that the fissured crystalline rock formations in Germany seem to have a too 
high permeability to be considered as a suitable host rock (Bundesgesellschaft für 
Geowissenschaften und Rohstoffe, 2007). So, most of the actual host rock research focuses on 






Figure 1. Geological formations of potential host rocks for a high-level nuclear waste disposal in Germany (Link, 2018). 
 
 
2.2.3 Radioactive waste disposals in other countries 
 
Since 37 countries all over the world operate nuclear power plants (International Atomic Energy 
Agency, 2019), the search for a final disposal is not only a German problem. Whereas several 
low- and intermediate-level nuclear waste disposals are under construction or even operating, 
no repository for HLW exists worldwide. The first HLW disposal, Olkiluoto, is under 
construction in granite bedrock in Eurajoki, Finland (Miller and Marcos, 2007; Aaltonen et al., 
2016). The storage may begin in 2020.  
The plans of France and Switzerland to build their HLW repositories near the border to 
Germany are causing worries to the German general public. France is considered a nuclear 
country where the advantage of low-emission electricity weights higher than the worries about 
perturbations or the final storage of the nuclear waste. The French government even asked for 
communes which volunteered for research laboratories in geological formations in their region. 




from the German border). In 2012, the French government declared the clay formation near 
Bure as future intermediate- and HLW disposal (Kommission Lagerung hoch radioaktiver 
Abfallstoffe, 2016). Also in Switzerland, clay formations are considered as favourite host rock 
and regions in different cantons were investigated, but until now, no final decision concerning 
the location is made. 
Recently, the USA had to restart the research for a HLW disposal. In the 1980s, Yucca 
Mountain was chosen as appropriate storage location and every state, except Nevada where the 
formation is located, agreed. The geological formation in this area is volcanic tuff. In 2011 
president Obama stopped the research and development in this region, mainly due to doubts on 
the suitability of this material as host rock. One of the requirements for the final location is now 
the agreement of the concerned state and commune (Kommission Lagerung hoch radioaktiver 
Abfallstoffe, 2016).   
 
 
2.2.4 Waste Cocktail elements 
 
In the context of a HLW disposal, europium(III), caesium(I), uranium(VI) and iodide are chosen 
as representatives in this work for the element cocktail in spent fuel which has to be stored. A 
calculated composition of spent fuel is shown in Table 1.  
 
Table 1 Composition of spent nuclear fuel (Neles et al., 2008). 




fission products and transuranic elements 6.2 
  
There are over 200 possible fission products of U-235 such as Sr-90, Zr-93, I-131 or Cs-137. 
Transuranic elements such as plutonium and americium can also arise from neutron capture of 
U-238 (Figure 2). The four representatives were investigated separate and in composition as the 






Figure 2. Genesis of americium and curium out of U-238. 
 
As main component of spent fuel, uranium has to be considered in every wide-ranging research 
concerning the chemical safety aspects of a disposal for HLW. Beside its comparatively low 
radiotoxicity, the chemical toxicity of uranium has to be taken into account. It is harmful to 
plants, animals and microorganisms with different effects (Gao et al., 2019). In animals and 
humans, it mainly deposits in bones, liver and kidney and can cause renal failure beside other 
harms (Pavlakis et al., 1996).  
In the present work, the initial uranium species is uranyl (UO22+). Naturally, uranium occurs 
only in oxygenic minerals, for example, uranitite (UO2), coffinite (U[(SiO4)(OH)4]) or carnotite 
(KUO2VO4•1.5H2O), including three different natural isotopes: U-234 (0.005%), U-235 
(0.72%) and U-238 (99.275%). Altogether, 26 isotopes of uranium are known (23 are fission 
products of transuranic elements). Most of them are α-emitters, this means they emit an He	

 -
particle and energy, transmuting into a thorium atom. The half-lifes range between a few 
microseconds and > 109 a. Four different oxidation states are known for uranium. Triple and 
fivefold charged uranium is not stable in aqueous solutions, whereas compounds with fourfold 
and sixfold charged uranium can exist in minerals and solutions (Holleman et al., 2007). 
Uranium chemistry is very complex, because there are a lot of known minerals containing 
uranium and in solution, it forms complexes with many other elements. In Figure 3, potential 
species of uranium in solution depending on pH value and background electrolyte are shown. 
Mainly, hydroxo and carbonate complexes are formed which can get neutralised by other ions 
in solution and also precipitate. In calcium containing solutions, the highly mobile, neutral 
complex Ca2UO2(CO3)3 is formed in the neutral pH range (Stewart et al., 2010). Especially, at 
pH 7.6 (shown in dashed lines in figure 3), the natural equilibrium pH value of Opalinus Clay 
pore water, Ca2UO2(CO3)3 is the dominant species in calcium containing electrolytes. This 
mobile complex plays a major role in safety considerations of HLW disposals because it is very 






Figure 3. Calculated species distribution of uranyl in 0.1 M NaClO4 (a) and 0.4 M Opalinus Clay pore water (b) with the 
equilibrium pH value 7.6 of Opalinus Clay pore water as dashed line (Joseph, 2013). 
 
Europium(III) is another component of the WC investigated in the present work. It is not only 
a fission product contained in the HLW, but it can also be considered as homologue of the three 
valent actinides such as americium or curium (Eisenbud et al., 1984; Krauskopf, 1986). These 
transuranic elements are chemical and radio toxic (Breitenstein Jr. and Palmer, 1989). In animal 
studies they were found to deposit in liver and skeleton. Long-time effects were cancers of liver, 
lung and bone (Taylor, 1989). Consequently, a release to the environment has to be urgently 
prevented. 
Due to their partial short half-life, transuranic elements are hard to study by themselves, 
especially with regard to the long-term behaviour. Since europium and americium are in the 
same column of the periodic system of elements, their electronic configuration and their 
chemical behaviour are very similar. As a consequence, the retention properties and reactivities 
of americium (and other actinides) can be estimated by studying europium. In solution, Eu(III) 
forms different species depended on the available anions. Under atmospheric conditions, 
Eu(III) mostly interacts with carbonate, which arises e.g. from atmospheric carbon dioxide or 
mineral dissolution (Figure 4a). In the absence of CO2, europium hydroxo complexes are the 
dominant species (Figure 4b). Both, carbonate as well as hydroxo complexes have low solubility 





Figure 4. Speciation of Eu(III) in 0.1 M NaClO4 in presence (a) and absence (b) of CO2 (Plancque et al., 2003). 
 
As monovalent cation, Cs+ is also considered in the WC. The caesium isotopes Cs-135 
(t1/2 = 2.3•106 a) and Cs-137 (t1/2 = 30 a) are two of the major fission products of U-235. Both 
are β--emitters which means they emit an electron and an antineutrino resulting in the element 
with one atomic number higher while the atomic mass remains constant. In the special case of 
Cs, the preferred decay product is a metastable Ba isotope which relaxes into stable barium 
under the release of γ-rays. Therefore, caesium is considered as main source of nuclear radiation 
in the first hundreds of years (Cherif et al., 2017). In solution, caesium is a monovalent, highly 
soluble cation, which does not precipitate under natural conditions. This implies a very high 
mobility of Cs+ in aqueous solutions. Consequently, in case of a release into the environment, 
radiant Cs can contaminate a wide area (Staunton and Roubaud, 1997; Poinssot et al., 1999; 
Bradbury and Baeyens, 2000; Dzene et al., 2015). Natural occurring Cs-133 acts similar to 
potassium in the human body, depositing in bones, muscles and soft tissue and is generally seen 
as non-toxic (Yamagata, 1962; Leggett et al., 2003). Only high amounts can cause confusion in 
the metabolism (because of the similarity to potassium) and provoke diseases such as cardiac 
arrest, arrhythmia or hypokalemia among others (Melnikov and Zanoni, 2010). The radioactive 
isotopes are mainly harmful due to their radioactivity and resulting radiation in living beings 
(Rasheed et al., 2019; Turner et al., 2019).  
Iodine is one of the few fission products with anionic character and therefore chosen as 
representative in the investigated WC. Its preferred species in natural solutions are IO3-, I- or 
bound to organic molecules (Bruchertseifer et al., 2003) although iodine can be available in 
many different oxidation states (7, 5, 1, 0, -1). The isotopes occurring in HLW are I-129 
(t1/2 = 15.7•106 a) and I-131(t1/2 = 8 d). Like the caesium isotopes, they are β--emitters. Based 
on its high volatility (as I2 or HI) and high mobility (as iodide) in ground- or seawater, 




in the thyroid, where the chemical radiation can cause thyroid cancer (Drozdovitch et al., 2019; 
Kutsen et al., 2019). Therefore, many governments provide potassium iodide tablets in case of 
the release of radioactive material. This natural iodide saturates the thyroid for some days, so 
no new uptake is necessary for the metabolism and additional intake of perhaps radiant iodide 
isotopes can be segregated fast. Nevertheless, only people younger than 45 are recommended 
to use the tablets, because the risk of a permanent hyperthyroidism triggered by the iodide 
excess is much higher since then (Rønnov-Jessen and Kirkegaard, 1973; Nordyke et al., 1988).  
 
 
2.3 Concept for a high-level nuclear waste disposal in clay formations   
in northern Germany  
2.3.1 Geology and hydrogeology  
 
Different studies were made to evaluate the suitability of potential host rocks in Germany such 
as granite, salt rock or clay formations (Bräuer et al., 1994; Kockel and Krull, 1995; 
Bundesgesellschaft für Geowissenschaften und Rohstoffe, 2007; Hoth et al., 2007). In the 
present work, clay is considered as host rock under conditions occurring especially in northern 
Germany. This disposal model is based on the ANSICHT project (Jobmann et al., 2017). 
Abundant clay deposits from lower Cretaceous are located in the Lower Saxony Basin 
(Mutterlose and Bornemann, 2000). The maximum thickness is 1,300 m. Herefrom, the sections 
Hauterivian and Barremian in a depth of around 200 to 1,000 m are mostly suitable for a 
repository. Hauterivian is divided in two layers with different geological composition: the lower 
Hauterivian with mainly lime and marl lime benches alternating with pyrite and siderite 
containing illite or kaolinite claystone as well as the upper Hauterivian with pyritic and 
bituminous claystone. The sediment of Barremian can also be divided in an upper and lower 
Barremian. Both mainly consist of illite or kaolinite claystone with some enclaves of pyrite 
(Reinhold et al., 2013). Samples from different boreholes are available, but they are very 
different in their specific mineral composition. An exemplary overview of the borehole Konrad 
101 is given in Table 2 with averaged mineral values from the different layers of the two lower 
Cretaceous sections of interest respectively (Jahn and Sönnke, 2013). Although the boreholes 




Table 2 Composition of the drilling core from Konrad 101 of the sections Barremian and Hauterivian in lower Cretaceous in 
the Lower Saxony Basin (average values are given and range per complete section in brackets) (Jahn and Sönnke, 2013). 
Mineral Content in Barremian [%] Content in Hauterivian [%] 







Quartz 27 (6-49) 18 (4-29) 
Feldspar 3 (1-10) 2 (1-4) 
Chlorite 6 (2-10) 5 (2-8) 
Clay mixed layer 6 (5-10) 2 (0-5) 
Gypsum 4 (2-12) 1 (0-2) 
Pyrite 6 (3-33) 5 (1-9) 
Calcite 5 (1-24) 26 (5-79) 
Dolomite 6 (3-10) 6 (2-8) 
Siderite  2 (0-14) 6 (0-12) 
Goethite 1 (0-3) 10 (0-20) 
Apatite 2 (0-3) 0 
Amorphous components 15 (1-36) 10 (3-22) 
Organic material 2 (1-3) 0.5 (0.4-0.7) 
 
These clay formations are in contact with fresh water as well as with salt water with up to 5 M 
NaCl and additional higher valent cations such as Ca2+ and Mg2+ (Klinge et al., 2002; Reinhold 
et al., 2013). This has to be considered in a possible water intrusion scenario and in the 
saturation of the host rock. As a consequence of this, the present work focuses not only on low 




2.3.2 The multi-barrier system  
 
To protect the biosphere and groundwater from radionuclides in the HLW, multiple barriers are 
scheduled. These include technical barriers as well as the host rock as natural geological barrier. 
In Figure 5, the potential borehole emplacement for a repository in claystone is shown. 
 
 
Figure 5. Schematically description of a borehole emplacement for a high-level nuclear waste disposal in northern Germany 
in claystone as host rock (Lommerzheim and Jobmann, 2015). 
 
The first obstacle for the radionuclide migration are the coquilles which consist of fine-grain 
structural steel and have a wall thickness of 19.5 - 44.5 mm. These containers should be 
retrievable and tight for at least 500 years (Lommerzheim and Jobmann, 2015). Steel (and also 
other) containers are assumed to corrode over time under the conditions occurring in a HLW 
repository in deep geological formations (Kursten et al., 2004; Shoesmith, 2006; Bennett and 
Gens, 2008; Féron et al., 2009; King and Kolář, 2019; Zhang et al., 2019). This can lead to 




containers are designed to outlast 10,000 years, the postulated 500 years for the coquilles used 
in Germany can be practicable.  
After the containers, the next barrier for the HLW is the inside liner. It should also be stable for 
500 years at minimum. Grey cast iron is scheduled as inside liner if the HLW repository would 
be built in a salt formation and is also considered suitable in claystone, but this has still to be 
evaluated.  
The cavity between inside and outside liner should be filled with a buffer material containing 
80% bentonite and 20% sand which is an additional barrier due to the bentonite’s capability of 
adsorbing positively charged species. However, its primary function is to prevent solution 
movement from the surroundings (pore water from the host rock) towards the containers to 
avoid an acceleration of the corrosion. Bentonite should also be used as borehole seal to inhibit 
the advective transport of solutions  (Lommerzheim and Jobmann, 2015).  
The outside liner is not a barrier since it is perforated to allow the transport of solution into the 
backfill material. Its function is to endure the ground pressure of the surrounding formations 
and the capping. After 750 years, it is assumed to be broken due to corrosion (Lommerzheim 
and Jobmann, 2015). 
Another barrier with large influence, although not used in the borehole itself, is concrete. It is 
going to be used as abutment over the borehole seal and also for the construction of the 
repository. So, several tons of it will be available to interact with the surroundings or the 
radionuclides (Lommerzheim and Jobmann, 2015). If the host rock pore water gets into contact 
with the alkaline concrete, additional cations can get leached out of it and the pH value of the 
solution increases up to 13 (Berner, 1992; Bateman et al., 1999; Gaucher and Blanc, 2006). 
Because of this, it is estimated that the pH value of the solution which could interact with the 
radionuclides will stay above ten for several thousand years. Nevertheless, concrete serves as a 
barrier as well as adsorption material due to its partly different charged surface (Höglund et al., 
1985; Evans, 2008; Arayro et al., 2018).  
The outermost barrier against an uncontrolled release of radionuclides is the host rock itself. Its 
thickness and depth, combined with the low permeability should guarantee that no radiant 
material will contaminate the ground water or the environment or ever reach humanity in the 
next one million years. Another great challenge is to keep the knowledge about the upcoming 
HLW disposals worldwide and the handling of radioactive materials for such a long time. 
In the present work, OPA as model clay for a possible host rock and Calcigel (a commercial 
Ca-bentonite) as buffer and backfill material are investigated for their capacity to adsorb cations 




2.3.3 Fundamentals of ion immobilisation on potential barriers of a 
disposal 
 
Some of the disposal’s barriers in this concept are not only physical barriers against the 
migration of radionuclides, but they are also able to immobilise some elements via adsorption 
processes. Clay, bentonite (consisting mainly of the clay mineral montmorillonite) and cement 
are such potential barriers. The basics of the adsorption processes are explained below. 
Adsorption is defined as accumulation of a substance (adsorbate) on a boundary surface 
between two phases (adsorbent). In the context of a HLW disposal, it implies the attachment of 
radioactive elements out of an aqueous solution (e.g. the clay pore water) onto the surface of 
clay, bentonite or cementitious materials. The surface of these materials is charged and ions can 
intercalate for example in interlayers or adsorb in areas of crystal defects to neutralise the 
substance to the outside. The reversed process is called desorption. Adsorption is based on 
electrostatic interactions which can be divided in physisorption and chemisorption depending 
on their adsorption enthalpy (∆Hads). Physisorption describes mainly van der Waals interactions 
with ∆Hads < 50 kJ mol-1, whereas chemisorption resembles a chemical reaction with 
∆Hads > 100 kJ mol-1 (Martens-Menzel, 2011). The transitions between both processes are fluid 
and partly not assignable. Just as the adsorption processes of metal ions on clay are considered 
to be chemisorption but ∆Hads is found in broad ranges dependent on the specific metals and 
clay minerals (Bradl, 2004; Gupta and Bhattacharyya, 2006; Unuabonah et al., 2007; 
Bhattacharyya and Gupta, 2008).  
There are different mathematical models to describe the relation between the amount of an 
adsorbed substance (cads) and its concentration in solution or partial pressure (ceq), the so-called 
adsorption isotherm. The simplest one is the linear Henry adsorption isotherm 
 
                                                                   cads = KH • ceq                                                         (1) 
 
where KH represents the Henry coefficient and which resembles Henry’s law for the solubility 
of gases in solutions (Henry, 1803). In this equation (1), the amount of adsorbed substance does 
not affect the adsorption of further substance and the adsorption places are not limited. It is 




In 1907, Herbert Freundlich presented an empirical adsorption model where the reduced 
capacity of the adsorbent with increasing adsorbate concentration is taken into account 
(Freundlich, 1907). The corresponding adsorption isotherm is called Freundlich isotherm  
 
                                                                   cads = KF • ceq1/n                                                      (2) 
 
with KF as Freundlich coefficient and n as Freundlich exponent. Most adsorption processes of 
small ion concentrations on clay or cementitious materials can be described by this equation (2) 
(Gupta and Bhattacharyya, 2006; Bhattacharyya and Gupta, 2008; Elbana et al., 2018; 
Georgescu et al., 2018; Tiruneh et al., 2018). Discrepancies mainly occur if there are more 
adsorption sites with very different selectivities.  
Another popular model was developed by Irving Langmuir (Langmuir, 1918). The adsorption 
isotherm  
 
                                                                   cads = 
∙
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                                                         (3) 
 
with KL as Langmuir coefficient takes additionally into account that only a monolayer of 
adsorbate can be bound. Contrary to the Freundlich model, saturation phenomena can be 
described with this formula which are necessary for high adsorbate concentrations. 
There are also other adsorption models considering different phenomena and circumstances 
such as the Brunauer-Emmett-Teller, the Gibbs and the Temkin isotherms (Gibbs, 1878; Swan 
and Urquhart, 1926; Brunauer et al., 1938; Emmett and Kummer, 1943). 
In the following, the properties and structure of OPA and bentonites, especially Calcigel (a 
commercial Ca-bentonite), concerning the adsorption of cations are elucidated in more detail. 
 
 
2.3.4 Opalinus Clay as a model for the host rock 
 
In the context of this work, no sample of lower Cretaceous clay from the Lower Saxony Basin 
was available. Therefore, OPA is used as reference clay to represent the host rock. It natural 
occurs in Switzerland and south Germany. OPA is often used as reference material because its 
properties are already well investigated by the Swiss National Cooperative for the Disposal of 




is located in the Jurassic section. It contains 40-80% clay minerals and 10% of them are 
swellable (Van Loon et al., 2003). This swelling capacity leads to high compaction of the 
material and low permeability for solutions. In the context of a HLW disposal this means an 
aqueous plume could travel only very slowly through the encapsulating host rock. The diffusion 
coefficients De for e.g. Cs+ and iodide through OPA were determined as De(Cs+) ≈ 2•10-10 m2 s-1 
and De(I-) ≈ 1•10-11 m2 s-1 from laboratory as well as field data (Van Loon et al., 2004; Wersin 
et al., 2004). This equals a movement < 1 cm2 per year. 
Responsible for the clay’s swelling ability is the structure of the contained clay minerals. These 
minerals are so-called sheet silicates. They consist of aqueous aluminium silicates in tetrahedral 
and octahedral layers. SiO4 tetrahedrons are corner-linked and AlO6 octahedrons are edge-
linked (Figure 6). The number of sheets depends on the sort of the clay mineral. Kaolinite 
consists of two sheets, illite and smectite of three and chlorite even of four. The substitution of 
Si(IV) by Al(III) or Al(III) by Mg(II) leads to an overall negatively charged surface. Due to 
this, besides water, various cations can intercalate in the clay’s interlayers or get complexed on 
the clay surface. The widening of the interlayers causes the clay to swell. This phenomenon 
depends on the salinity and composition of the actual clay pore water as well as most adsorption 
processes on the clay’s surface (Thury, 2002; Herbert et al., 2008; Li et al., 2009; Chang et al., 
2012; Massat et al., 2016; Liu et al., 2018; He et al., 2019; Soler et al., 2019).     
 
 
Figure 6. Structure of a 2:1 clay mineral (two tetrahedral and one octahedral sheet) (modified after Ghadiri et al., 2015). 
 
In OPA as well as in the lower Cretaceous clay in the Lower Saxony Basin the main clay 
minerals are kaolinite and illite. The composition of the OPA sample BHE-24/1 from Mont 
Terri used in this study is given in table 3 in section 3.1. The natural pore water of OPA consists 




(Van Loon et al., 2005; Appelo et al., 2010). Natural clay can be regarded as a colloidal system 
with a porosity of 8 to 18% (Thury and Bossart, 1999). The specific surface area of OPA BHE-
24/1 was determined to 41.3 m² g-1 (Joseph et al., 2011). Most pores inside the material are 
interconnected and occupied by water and solutes. The main part of the pores is very small and 
the embedded pore water is strongly bound to the mineral surface. Only a few pores are large 
enough to embed also free water (Zhang et al., 2010).   
The affinity of cations to the interlayers or surface of the clay depends on their charge and 
hydrodynamic radius. With increasing charge and decreasing hydrodynamic radius the 
probability for a cation to adsorb on clay increases (Blum, 2007). Especially, surface complexes 
between cations and clay depend additionally on the pore water pH (Bradbury and Baeyens, 
2011; Baborová et al., 2018). The cationic exchange capacity (CEC) of OPA ranges from 10.2 
to 16 meq 100g-1 (Nagra, 2002). 
As in all natural soils, some organic molecules are contained in OPA. These can be small ones 
such as acetate, lactate or formate or even large humic substances with a maximal total content 
of 1% mass fraction (Courdouan et al., 2007; Joseph et al., 2011). Such molecules can have an 
impact on the retention of the cations. Organic compounds may prevent the adsorption due to 
complexation (Courdouan et al., 2008; Barkleit et al., 2014; Hahn et al., 2017). This leads 
generally to a mobilisation in solution and following this, to a lower retention, which has to be 
considered in the safety assessment of a potential HLW disposal.                 
 
 
2.3.5 Bentonite as buffer and backfill material 
 
Bentonites are scheduled as buffer and backfill material in many concepts for HLW storage 
(Radhakrishna et al., 1989; Güven, 1990; Ishikawa et al., 1990; Madsen, 1998; Ye et al., 2010). 
They consist of a mixture of different clay minerals and other components. The main clay 
mineral is montmorillonite. Compared to OPA, the swelling capacity of montmorillonite is even 
larger (Tournassat et al., 2015). This results in very low permeability, so bentonite is 
predestined as sealing material. Established applications are for example as borehole seal, 
binder in cat litter, drying agent and binder for heavy metals in lakes and aquaristics (Harvey 
and Lagaly, 2013).  
The inner surface of bentonites is larger than in other clays which leads to a high adsorption 




or Ca-bentonite. However, since the cations are exchangeable, the actual major interlayer cation 
depends on the surrounding solution (Staunton and Roubaud, 1997; Poinssot et al., 1999; 
Missana et al., 2014a). 
In the present work Calcigel (former Montigel), a Ca-bentonite from Bavaria, is investigated. 
Calcigel consists of 60-70% of montmorillonite (see table 1 in section 3.3), a three-sheet 
silicate. Its inner surface is with 493 m² g-1 around then times bigger than this of OPA and its 
CEC is about 58.7 meq 100g-1 (Müller-Vonmoss and Kahr, 1983; Clariant, 2015). Calcigel is a 
“mixture of selected Bavarian raw clays” (Clariant, 2015). In view to the costs of a HLW 
disposal, this bentonite has not to get imported if chosen as buffer and backfill material 
(Lommerzheim and Jobmann, 2015). Its suitability was already investigated for the Swiss and 
the Swedish HLW disposal concepts. They studied e.g. the thermal conductivity, bacterial 
growth, diffusion coefficients, CEC and swelling pressure under different conditions (Müller-
Vonmoss and Kahr, 1983; Madsen, 1998; Herbert and Moog, 2002; Bengtsson and Pedersen, 
2017). However, Calcigel’s adsorption properties in the context of a HLW disposal under high 
saline and hyperalkaline conditions were not studied yet.   
The main disadvantages for clay as host rock and bentonite as buffer material for a HLW 
repository are their low thermal conductivity and their low thermal endurance 
(Bundesgesellschaft für Geowissenschaften und Rohstoffe, 2007). HLW emits heat in the first 
hundreds of years of storage and consequently, the surrounding in the near-field will heat up. 
The exact temperature depends on the barrier’s saturation and total volume of the waste. It is 
assumed that the near-field heats up to ~100 °C (Johnson et al., 2002). The clay near the heat 
source will dry due to water evaporation and shrink. This leads to a drawing of additional water 
from the surroundings and the clay swells. Both contrary processes cause a lot of stress for the 
material which can lead to irreversible deformation and thermal excess pore pressure (Gens et 









2.4 Experimental methods and data analysis 
2.4.1 Retention experiments 
 
There are different types of experiments which can be performed to investigate the adsorption 
of a species or ion on an adsorbent. The most intuitive and realistic ones are diffusion 
experiments. A solution (usually HTO or another solution spiked with analytes) is brought into 
contact with an excess of solid and whether the time it needs to pass through this solid is 
measured or the distance it migrated in a set time (Van Loon et al., 2003; Gimmi, 2008). 
Although the design is very realistic, diffusion experiments are cumbersome and it can last 
several years to get reliable results.  
Contrary to diffusion experiments, batch experiments are more simple, but also highly 
standardised and easy reproducible. A comparatively small amount of solid gets into contact 
with an excess of solution. After a set equilibration time, analyte ions are added and after 
another defined period of time the analyte distribution can be analysed (Lippold et al., 2005; 
Kautenburger and Beck, 2008; Schmeide and Bernhard, 2010). This type of experiments is 
conducted in the present work. 
Another way to investigate the adsorption behaviour are miniaturised column experiments. 
With a solid to liquid ratio as realistic as in diffusion experiments and runtimes from minutes 
to days, they combine the advantages of diffusion and batch experiments. A pre-column for 
high pressure liquid chromatography (HPLC) is filled with adsorbent and installed in a HPLC 
apparatus. Analytes can be added directly in the HPLC eluent, which continuously flows 
through the column or a small amount can be injected via a sample loop (Kautenburger, 2014; 
Sander, 2017). After the column, the solution or rather its analyte content can be analysed. For 
this, the coupling to other analytical tools (e.g. ICP-MS) can be beneficial.  
The effectiveness of an adsorption process is often described via so-called distribution 
coefficients (Kd) 
 
                                                                      Kd = 
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                                                              (4) 
 




Since especially in alkaline solutions, precipitation can also be involved in the immobilisation 
of the elements, the retention cannot always be described adequately by Kd values. It is proper 
to use retention coefficients Rd in their place 
 
                                                                       Rd = 


                                                              (5) 
 
where cim refers to the amount of the immobilised substance. In relation to ions in solution 
adsorbing on charged mineral phases, the unit of Rd is normally given in L kg-1 (or m3 kg-1 
referring to SI units). It gets calculated of the immobilised concentration per kilogram adsorbent 
in mol kg-1 and the remaining concentration in solution in mol L-1. With a known initial analyte 
concentration and a measured ceq, Rd can easily be calculated for the experimental setups 
mentioned above.  
 
 
2.4.2 Elemental quantification via mass spectrometry with 
inductively coupled plasma  
 
ICP-MS is a powerful analytical tool to quantify most elements in the periodic table quasi 
simultaneously at trace levels in aqueous solutions or solids. It is used to determine ceq of HLW 
relevant elements after the batch experiments in the present work. 
The first commercial device was introduced in 1983 by Perkin-Elmer SCIEX which could 
already detect > 90% of the elements down to a detection limit of 0.5-10 µg/L (Date, 1983; 
Hunt, 2008). In the 1970s and 80s, a lot of research and development on this technique was 
done by Gray and Houk and their co-workers (Gray, 1974, 1975a, 1975b; Houk et al., 1980, 
1981; Houk, 1986). At this early stage of development, it was only useful for research 
applications because only samples prepared in the laboratory could be investigated due to a lot 
of interferences and unstable measurement conditions, even in cleanrooms. Despite that, 
combining the detection limit of graphite furnace atomic absorption with the rapid multi-
element analysis of inductively coupled plasma optical emission spectrometry, the 
implementation of ICP-MS was somewhat revolutionary in the analytical chemistry (Thomas, 
2001a). Over the last decades, ICP-MS evolved from a complicated research tool only useful 
for high specific liquid samples to a standard method for widespread analytical questions with 




single cells or nanoparticles (Mitrano et al., 2012; Lee et al., 2014; Mueller et al., 2014; Hein 
et al., 2017; Qiao and Xu, 2018; Itoh et al., 2018; Lobo et al., 2018; Meyer et al., 2018; Hendriks 
et al., 2019; Lesniewski et al., 2019; Löhr et al., 2019).  
The measurement principle is based on the formation of monocharged cations in the plasma 
followed by separation through the ion’s mass to charge ratio. In the following, it is described 
in detail based on the Agilent 7500 series. For liquid analysis by default, the sample gets 
transported via a peristaltic pump, which guarantees a constant flow of liquid, into a nebuliser. 
A fine aerosol is formed, supported by argon as carrier gas (~1 L/min). Argon gas drags sample 
droplets from the tip of the nebuliser and carries them into a spray chamber (Figure 7). Here, 
larger droplets (> 10 µm in diameter) hit a wall and flow to the waste outlet (~99%) (Browner 
and Boorn, 1984), whereas the really small ones get transported to the plasma torch by the gas 
stream (Thomas, 2001b). 
 
 
Figure 7. Nebuliser and double pass spray chamber typically used in an Agilent 7500 ICP-MS (Agilent Technologies, 2005). 
 
The plasma torch consists of three concentric quartz tubes (Figure 8). In the outer and largest 
one, around 12-17 L argon are flowing through every minute. This argon stream is needed to 
form the plasma. At the top of the torch, a radio frequency coil creates an alternating current. 
Following this, an intense electromagnetic field is generated in this area. When the argon gas 
is flowing through the torch, a high-voltage spark split some electrons from their atoms which 
were accelerated and causing a chain reaction through collision with other atoms leading to a 
cloud of separated Ar+-ions and their electrons. In the middle tube, another argon stream around 
1 L/min is applied, the auxiliary gas, to stabilise the plasma’s position relative to the tubes. The 




reaches the plasma, its components get desolvated, evaporated, atomised and at least ionised by 
former argon electrons to mostly monocharged cations (Thomas, 2001c).  
 
 
Figure 8. Plasma torch in an Agilent 7500 ICP-MS (Agilent Technologies, 2005). 
 
After the ionisation under atmospheric conditions, the sample has to pass the interface leading 
to the mass spectrometer analyser in the high vacuum zone. The interface consists of two 
metallic cones (usually Ni or Pt) with small orifices, whereas the orifice of the first cone, called 
sampler, is still larger (0.8 – 1.2 mm) than that of the following skimmer cone (0.4 – 0.8 mm). 
To prohibit overheating by contact with the plasma, the outer part of the sampler cone consists 
of copper or aluminium which dissipate heat easily and additionally, the interface casing is 
water-cooled (Thomas, 2001d). After the cones, the sample ions get to the ion optics (Figure 9), 
whose function is to transport as much of analyte ions to the mass separation device as possible. 
The optic consists of metallic plates, barrels or cylinders and is under electrical voltage. This is 







Figure 9. Schematically structure of the ion optic of an Agilent 7500 ICP-MS (Agilent Technologies, 2005). 
 
Before the ion beam finally reaches the mass analyser, a collision or reaction cell is connected 
upstream to allow also the detection of elements which typically suffer from spectral 
interferences by so-called molecular ions generated out of the plasma gas or sample 
components. Examples for these species are 40Ar16O+ which equals the mass of 56Fe+ and 
38ArH+ disturbing the quantification of 39K+. To avoid additional detection of these molecular 
ions, a cell with a radio frequency multipole (e.g. an octopole) is flooded with hydrogen or 
helium. The focused ion beam collides with the gas. Molecular ions are larger than normal ions 
and collide statistically more often with He or H2. Every collision leads to a loss of kinetic 
energy. A potential barrier at the entrance of the mass analyser excludes the low energy ions 
(Thomas, 2002a) and only the focused beam of mainly monocationic, single atomic ions 
reaches the mass analyser. In most cases, as well as in the Agilent 7500 series, this component 
is a quadrupole, which means four charged metal rods, arranged quadratic, where the 
counterparts carry the same charge and the rods in neighbourhood the opposite charge (Figure 
10). Over this direct current an alternating current voltage is placed, changing the charge of the 
paired rods with a variable frequency. This frequency is responsible whether an ion with 
specific mass to charge ratio can pass or collides with one of the rods and does not reach the 
following detector (Thomas, 2001f). Typical detectors used in ICP-MS systems are discrete 
dynode electron multipliers. An ion passing the mass analyser has to follow a curve to hit the 
first dynode off-axis which minimizes the background noise. The first strike on the dynode 
unleashes secondary electrons. These are accelerated to the next dynode, where they generate 








Figure 10. Structure of a quadrupole mass analyser (Santoiemma, 2018). 
 
In the present work and many studies concerning the safety of a HLW disposal, ICP-MS is used 
as a powerful tool to analyse trace level concentrations of selected elements. In the context of 
the high saline pore water in northern Germany and the application of the WC, two challenges 
arose which not allow ICP-MS measurements by default.  
The first challenge is the high amount of matrix (up to 5 M NaCl). It leads to suppression of the 
analyte signal and deposition of salt in the ICP-MS system. The latter accelerates the abrasion 
of the components significantly. To handle these problems, a new measurement method was 
implemented. The sample will be injected into the ICP-MS system only for a very short time 
(10 s). An additional make-up solution (diluted HNO3) guarantees a constant flow and dilutes 
the sample fourfold before it gets nebulised. Instead of a stable plateau, where the analyte signal 
intensities are tapped by default (e.g. as counts per second), a signal peak is obtained (Figure 
11). The peak area is proportional to the concentration of the analyte (Hein et al., 2017). With 
this method, trace concentrations of elements can be detected even in very high saline matrices 






Figure 11. Chromatographic illustration of the transient measurement of the analytes 153Eu (red), 238U (blue) and 165Ho as 
internal standard (green) with integrated peak areas (Ho concentration 10 µg L-1, Eu and U concentrations 0.1, 0.5, 1, 5 and 
10 µg L-1) (Hein et al., 2017). 
 
The second challenge is the simultaneous quantification of high valent metals and iodine. 
Metals are measured via ICP-MS in acidic solutions by default to avoid wall adsorption and 
precipitation effects. However, iodine forms volatile compounds in acidic environment such as 
iodine and hydrogen iodide. These compounds adsorb on the spray chamber wall. As a 
consequence of this, the measurement signal is instable and a memory effect arises (Vanhoe et 
al., 1993; Al-Ammar et al., 2001). Therefore, iodine measurements by ICP-MS are usually 
performed in the neutral or alkaline pH range. To optimise the ICP-MS measurement of the 
whole WC in one sample, a method to determine all WC elements together and simultaneously 








2.5 Geochemical modelling 
2.5.1 Theoretical background 
 
In 1962, Garrels and Thompson published a model to calculate the composition of sea water 
based on dissociation constants and activity coefficients of the involved species for the first 
time (Garrels and Thompson, 1962). In the following, geochemical modelling based on 
thermodynamic constants gained popularity and is today a useful tool to confirm experiments 
and even to predict geochemical processes. In the context of a long-term safety case for a HLW 
disposal, geochemical modelling can be used to simulate e.g. radionuclide transport, adsorption 
phenomena, alteration of materials and corrosion of containers (Peña et al., 2008; Zheng et al., 
2017; Tournassat et al., 2018; Medved’ and Černý, 2019). All this can be done under a broad 
range of conditions and on long timescales, which is not always possible under laboratory 
conditions. 
There are different common programs to simulate various issues such as EQ3/EQ6, 
MINTEQA2, PHREEQC and The Geochemist’s Workbench. Every program can face different 
geochemical questions (Wolery et al., 1988; Allison et al., 1991; Wolery, 1992; Parkhurst and 
Appelo, 2013; Bethke et al., 2019). 
In the present work, PHREEQC (Parkhurst and Appelo, 2013) was used for ion exchange 
modelling on OPA and Calcigel as well as dissolution and secondary mineral formation of 
OPA. An exemplary input file for the modelling of the Cs+ adsorption on Calcigel is given in 
figure A1 in section 3.3. 
The program can be used for speciation simulations, batch-reactions, one-dimensional transport 
and inverse geochemical calculations (Parkhurst and Appelo, 2013). It is based on minimisation 
of the system’s Gibbs energy ∆G. As long as ∆G < 0 a reaction takes place and reaches a steady 
state when ∆G = 0. For the calculation, the formation constant K for every species involved has 
to be provided. K is the ratio of velocity constants k to form product or starting material in the 
steady state  
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at room temperature (25 °C), the amount of every species in a system can be calculated. An 
algorithm determines the species distribution for which the total Gibbs energy reaches a 
minimum. To connect the measurable activity of a species with its concentration c 
 
                                                                       a = γ•c                                                                  (8) 
 
the activity coefficient γ depended on the ionic strength I of the background electrolyte has to 
be known. The determination of γ is based on the Debye-Hückel rule  
 
                                                                  logγ = -A•zi2•√I                                                          (9) 
 
with z as ion charge and A as Debye-Hückel parameter depended on T and the absolute 
permittivity of the background electrolyte (Debye and Hückel, 1923). Equation 9 is only valid 
for highly diluted solutions (I < 0.01 M). Especially at very high ionic strengths, the calculation 
of γ is challenging because additional parameters are needed. In PHREEQC, the empirical 
Davies equation 
  
                                                       logγ = -A•zi2•(
√2
√2
− 0.3 • I)                                             (10) 
 
valid for I < 0.5 M is used by default (Davies, 1938). This equation (10) is applied for the γ 
calculations concerning OPA in the present work. For the adsorption experiments in higher 
saline background electrolytes (≤ 5 M) the specific ion interaction theory (SIT) 
 
                                              logγ = -A•zi2•(
√2
6•√2





including B as empirical constant (1.5 √


), mu as molality of the counterion u and ε as ion 
interaction parameter is used (Brönsted, 1922; Guggenheim, 1935; Scatchard, 1936). For every 
aqueous species pair (e.g. Na+ and Cl- or Cs+ and Cl-) in the model, ε has to be provided 
additionally. 
Precipitation of solids is considered in PHREEQC via the relation 
 
                                                                        SI = 
2?@

                                                             (12) 
 
where SI references to the saturation index and IAP is the ion activity product of the concerned 
solid. The K value in equation 12 describes the formation constant of the separated ions, which 
is commonly known as solubility product (Parkhurst and Appelo, 2013). A solid tends to 
precipitate if SI > 1. SI = 0 represents a steady state. When SI < 1 and the release of a solid’s 
ions into the solution causes a decrease in ∆G, this solid will dissolve.  
K and A depend on the temperature. The constants given in PHREEQC databases are normally 
valid for T = 25 °C. Conversion to higher temperatures can be made via the Van’t Hoff equation 
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with ∆H0 as standard enthalpy. Since ∆H0 is not available for all minerals involved in the model 
for OPA, the simulation is limited to 25 °C. 
Beside species calculations and mineral behaviour, also adsorption processes can be simulated 
by using PHREEQC. The surface complexation reactions used in this work are based on the 
model of Dzombak and Morel (published 1990) for complexation of heavy metal ions on 
hydrous ferric oxide (Parkhurst and Appelo, 2013). Here, the complete number of sites is 
divided in strong and weak binding sites. The associated formation constants for the surface-
ion complex are also called selectivity constants. 
The cationic exchange gets simulated via a defined amount of an exchanger X- and the 







2.5.2 Adsorption models for Eu3+, UO22+ and Cs+  
 
In the literature, different models to simulate the adsorption of cations on clay surfaces are 
known. The theoretical studies for Eu3+, UO22+ and Cs+ presented in this work base on such 
models. They are slightly refined since the experimental conditions such as pH, ionic strength 
or the used clay varied compared to the literature. 
For the modelling of Eu3+ and UO22+ adsorption on OPA a two-site surface complexation model 
and additional cationic exchange was applied. It is based on Bradbury and Baeyens’ 2 site 
protolysis non-electrostatic surface complexation and cation exchange sorption model 
(Bradbury and Baeyens, 1997, 2011). They determined the uptake of aqueous metal species by 
different experiments and found, that it needed at least two surface complexation sites and also 
cationic exchange to describe the observations (Baeyens and Bradbury, 1997; Bradbury and 
Baeyens, 2009).  
In the case of Cs+, there are different proposals in the literature to describe the adsorption 
behaviour best. The Cs+ adsorption on clay strongly depends on the initial Cs+ concentration, 
which is contributed to very selective and non-selective adsorption sites (Cornell, 1993; 
Staunton and Roubaud, 1997; Missana et al., 2004). For experiments on OPA respectively on 
illite, two or three different sites described as surface complexation or cationic exchange are 
suggested (Brouwer et al., 1983; Poinssot et al., 1999; Bradbury and Baeyens, 2000; Missana 
et al., 2014b). Whereas on montmorillonite or smectite mainly two surface complexation 
reactions are implemented to describe the adsorption (Gutierrez and Fuentes, 1996). In this 
work, a two-site surface complexation model as proposed by Missana et al. is used for the 




3. Results and Discussion 
3.1 Insights into the retention behaviour of europium(III) and 
uranium(VI) onto Opalinus Clay influenced by pore water 
composition, temperature, pH and organic compounds 
 
Extended abstract: 
OPA was investigated as one reference clay for a potential host rock of a HLW disposal in 
Germany. The adsorption behaviour of Eu3+ and UO22+ on OPA was determined in a broad pH 
range (2-12) at different temperatures (25 and 60 °C) in a low saline inert background 
electrolyte (0.01 M NaOCl4, SP) and in OPA reference pore water (PW, I = 0.4 M) by 
laboratory experiments and theoretically by the use of geochemical modelling. On the one hand, 
the host rock of a HLW will be in contact with the cementitious construction material, which is 
an alkaline material. This can lead to an increasing pH value of the pore water solution. On the 
other hand, OPA contains pyrite which gets presumably oxidised in the storage phase of around 
one million years. During this reaction, protons are generated and the pH value of the 
surrounding pore water solution can decrease. These contrary processes presuppose the 
knowledge of the elements’ adsorption behaviour at different proton concentrations. Since the 
HLW generates heat in the first hundreds of years, the phase composition and following this, 
the adsorption capacity of the host rock can change. So, it is also necessary to investigate the 
possible interactions at elevated temperatures. Furthermore, the influence of organic matter 
(lactate and humic acid) as potential complexing agents on the retention behaviour of Eu3+ and 
UO22+ was investigated. 
For Eu3+, higher adsorption was observed at 60 °C than at room temperature over the whole pH 
range and in both background electrolytes. This is in agreement with the endothermic character 
of the adsorption process, which was analysed via a Van’t Hoff plot (T = 25, 40 and 60 °C). At 
pH > 7 the immobilisation of Eu3+ was nearly 100% under the investigated conditions. The 
developed two-site surface complexation model with additional respect to cationic exchange 
could only be applied for T = 25 °C, due to the lack of enthalpy data for most of the involved 
mineral phases. It underrates the Eu3+ adsorption in the acidic pH range in NaClO4. A reason 
for this could be an overestimated dissolving behaviour of OPA in the model and following 
this, too many competing cations in solution compared to the experiments. In OPA pore water, 




The adsorption of UO22+ on OPA increases with increasing pH value until the neutral pH range 
is reached. Here, the adsorption decreases in both electrolytes and at both temperatures. Around 
pH 7, a neutral aquo complex Ca2UO2(CO3)3 is formed, which does not adsorb on the 
negatively charged clay surface. With increasing alkalinity, the uranyl adsorption increases 
again until nearly 100% are reached at pH 10 or 11 and above, due to the precipitation of 
different uranium containing minerals. The applied two-site surface complexation model with 
additional respect to cationic exchange describes the adsorption behaviour in OPA pore water 
very well. In NaClO4, the formation of the neutral complex was overestimated compared to the 
experiments. This is a consequence of the complete dissolution of calcite contained in OPA in 
the model, which acts as Ca-source. Additionally, the decreasing of the UO22+ adsorption is 
shifted to one higher pH number compared to the laboratory experiments. As it was found for 
Eu3+ before, the adsorption of uranyl on OPA is an endothermic reaction and consequently the 
adsorption was, in general, higher at 60 °C than at room temperature. 
The influence of lactate and humic acid on the adsorption behaviour of Eu3+ and UO22+ was 
investigated in OPA pore water at its natural pH 7.6. For Eu3+, no influence of lactate could be 
observed. By addition of humic acid, the retention increases about 20% at an Eu3+ concentration 
of 32.9•10-6 M, where the OPA surface is already saturated. The formed negatively charged 
complexes could precipitate with additional cations contained in the pore water solution. For 
uranyl, the effect of the organic matter was only an increasing adsorption at 60 °C in the 
presence of humic acid at both investigated UO22+ concentrations. This can also be attributed 
to precipitation. 
An analysis of the formed Eu3+ species with humic acid was done via capillary electrophoresis 
coupled to an ICP-MS. Here, only a weakly bound Eu3+ containing organic matter species could 
be detected. 
Ralf Kautenburger is the corresponding author and he had the supervision during the 
experiments. He planned, designed and wrote the publication. Kristina Brix was also involved 
in writing the publication and revised the manuscript before publicising. She developed an ion 
exchange model to simulate the sorption edge experiments and carried out the modelling of the 
data. Christina Hein carried out the experiments, analysed the samples and interpreted the 






These results have been published in Applied Geochemistry. 
Kautenburger, R., Brix, K., Hein, C., 2019, Appl. Geochem. 109, 104404. 
https://doi.org/10.1016/j.apgeochem.2019.104404 
Copyright (2019) Elsevier. 
 
 
Figure 12. Adsorption edges of Eu(III) and U(VI) on Opalinus Clay in front of a piece of Opalinus Clay (Graphical abstract 
of Insights into the retention behaviour of europium(III) and uranium(VI) onto Opalinus Clay influenced by pore water 
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Powder XRD main analysis of five clay samples (A) and Rietveld refinement (TOPAS 








Fig. S2.  
Log Kd values of the Eu(III) sorption onto OPA at pH 5 or 7.6 and 25 or 60°C in PW and 




Kd values (L∙kg-1) and standard deviations (±SD) of Eu(III) (1.97∙10-6 mol·L-1) sorption 
onto OPA in SP and PW at pH 5 or 7.6 and 25°C or 60°C. The first temperature refers 
to the preconditioning, the second to the sorption experiment. 
Temperature SP pH 7.6 PW pH 7.6 SP pH5 PW pH5 
25 / 25 °C 65000±15500 22560±71 507±160 91±11 
60 / 60 °C 865000±12700 71000±9100 31800±24400 438±80 






























Parameters for calculations of Eu(III) / U(VI) sorption onto OPA. The Davies Equation 
was used for activity corrections in all cases. 
 
Surface complexation or exchange reaction logK 
≡SSOH + Eu3+ ↔ ≡SSOEu2+ + H+ 1.9 
≡SSOH + Eu3+ + H2O ↔ ≡SSOEuOH+ + 2 H+ -4.6 
≡SSOH + Eu3+ + 2H2O ↔ ≡SSOEu(OH)2 + 3 H+ -12.8 
≡SSOH + Eu3+ + 3H2O ↔ ≡SSOEu(OH)3- + 4 H+ -24.0 
≡SWOH + Eu3+ ↔ ≡SWOEu2+ + H+ 0.3 
≡SWOH + Eu3+ + H2O ↔ ≡SWOEuOH+ + 2 H+ -6.2 
≡SSOH + UO22+ ↔ ≡SSOUO2+ + H+ 2.0 
≡SSOH + UO22+ + H2O ↔ ≡SSOUO2OH + 2 H+ -3.5 
≡SSOH + UO22+ + 2H2O ↔ ≡SSOUO2(OH)2- + 3 H+ -10.6 
≡SSOH + UO22+ + 3H2O ↔ ≡SSOUO2(OH)32- + 4 H+ -19 
≡SWOH + UO22+ ↔ ≡SWOUO2+ + H+ 0.1 
≡SWOH + UO22+ + H2O ↔ ≡SWOUO2OH + 2 H+ -5.3 
3 NaX + Eu3+ ↔ EuX3 + 3 Na+ 1.9 








Average log Kd values for the sorption edges of Eu(III) (n=3; 1.97∙10-6 mol·L-1) and 
U(VI) (n=2; 4.2∙10-7 mol∙L-1) onto OPA in porewater (PW) and sodium perchlorate (SP) 











2 1.8 1.0 1.4 1.6 
3 2.4 1.6 1.9 1.7 
4 2.7 2.0 2.3 2.4 
5 3.0 2.4 3.1 2.9 
6 3.5 3.1 3.6 2.9 
7 4.4 3.6 2.1 1.4 
8 4.3 4.0 2.1 1.6 
9 4.5 4.6 2.6 2.5 
10 4.5 4.8 3.1 4.3 
11 4.8 4.8 3.7 5.2 
12 4.7 5.6 3.1 5.4 
 
 
The sorption edges experiments are performed for U(VI) in two and for Eu(III) in three 
independent series. The analytical uncertainty for pH is calculated to be ± 0.2 log units, and for 
the sorption edges the uncertainty increases at low metal ion concentrations (especially Eu(III)) 
left in solution at high pH where > 90% of Eu(III) is sorbed and this leads to an uncertainty of 
log Kd values of about ±0.3 log units. Uncertainty for each pH value is shown in Fig. 1 for 







Kd values and standard deviations (L∙kg-1) of U(VI) (4.2∙10-7 mol∙L-1) onto OPA in 
porewater (PW) and sodium perchlorate (SP) at pH 7.6 and 25/60°C. 
 
U(VI) 
Kd value PW 
[L∙kg-1] 
Kd value SP 
[L∙kg-1] 
25°C 24±13 149±57 





Log Kd values for the sorption of 3.29·10-6 mol∙L-1 (0.5 mg∙L-1) and 32.9·10-6 mol∙L-1 
(5.0 mg·L-1) Eu(III), and 2.110-6 mol∙L-1 (0.5 mg∙L-1 ) and 10.510-6 mol∙L-1 
(2.5 mg∙L-1) U(VI)  onto OPA in PW (I = 0.4 mol∙L-1, pH 7.6) at different temperatures (25 
and 60°C) in the presence or absence of NOM (lactate, AHA), respectively. Maximum 



















3.29·10-6 mol∙L-1 3.7 3.7 3.9 4.4 4.5 4.2 
32.9·10-6 mol∙L-1 2.8 2.8 3.3 4.3 4.4 4.3 
U(VI)       
2.1×10-6 mol∙L-1  1.7 1.7 1.8 2.1 2.1 3.6 









3.2 Simultaneous quantification of iodine and high valent metals via 
ICP-MS under acidic conditions in complex matrices 
 
Extended abstract: 
A new method was developed to quantify iodine in acidic solutions via ICP-MS. Iodine gets 
quantified in alkaline media by default because the high volatile compounds I2 and HI, which 
are favoured in acidic media, adsorb in the area of the spray chamber. This leads to an unstable 
measurement signal and memory effects. A precise quantification is not possible under these 
conditions. In alkaline solutions, high valent metals like Eu3+ precipitate as hydroxides or 
carbonates. As a consequence, the simultaneous measurement of iodine and such metals via 
ICP-MS was not practicable without using additional complexing agents for the high valent 
metals. In very complex matrices such as artificial cement pore water (ACW, ≈ 3 M), the 
complexation of all cations is practically impossible. 
In natural solutions, the iodine species are mainly free iodide or iodate as well as organic 
molecules containing iodine. Only iodide forms volatile I2 and HI in the presence of acid. A 
suitable method to avoid this is to oxidise iodide to iodate before the acidic ICP-MS sample 
preparation. NaOCl was found to be an appropriate oxidation agent. The reaction time can be 
varied between 1-72 h at minimum. Afterwards, acid can be added and the samples are stable 
for at least 5 d. 
The recovery of iodide oxidised with NaOCl to iodate was determined in deionised water 
depended on the internal standard (Br-79, In-115, Te-125, Ho-165) used for the compensation 
of measurements fluctuations. With Br-79 the iodide concentration was always overestimated 
(126-290% recovery). A recovery near 100% for all investigated iodide concentrations (0.3-
90 µg L-1) could be obtained with a signal correction to the other three elements. Nevertheless, 
the best recoveries in the whole iodide concentration range were obtained by using Ho-165 as 
internal standard.  
Iodide and Eu3+ or the whole WC were quantified in low and high saline solutions (Milli-Q 
water, ACW, 5 M NaCl) at neutral and alkaline pH (12.5) of the equilibration medium to test 
the robustness of the method. During the oxidation step, all used elements were present in 
solution. The recovery of all elements was 91-105% with a relative standard deviation ≤ 5% 
under all investigated conditions for element concentrations ranging from 15 to 90 µg L-1. No 




to iodate with NaOCl is a robust and inexpensive method to determine iodine in the presence 
of high valent metals via ICP-MS as long as no speciation analytic is required.  
Kristina Brix planned, designed and wrote the publication. She planned and carried out the 
experiments, analysed the samples and interpreted the results. Christina Hein and Jonas Michael 
Sander were involved in the planning and discussion of the experiments and revised the 
manuscript before publicising. Ralf Kautenburger is the corresponding author. He had 
supervision during the experiments and writing. He was also involved in discussing the results, 
design and writing of the publication and he revised the manuscript before publicising.  
 
These results have been published in Talanta. 
Brix, K., Hein, C., Sander, J.M., Kautenburger, R., 2017, Talanta 167, 532-536. 
http://dx.doi.org/10.1016/j.talanta.2017.02.056 
Copyright (2017) Elsevier. 
 
 
Figure 13. Schematic representation of a potential high-level nuclear waste disposal with the so-called waste cocktail 
























3.3 Adsorption of caesium on raw Ca-bentonite in high saline 
solutions: Influence of concentration, mineral composition, other 
radionuclides and modelling 
 
Extended abstract: 
Calcigel was investigated as potential buffer and backfill material for a HLW disposal. Its 
retention capacity for Cs+ was determined under varying conditions by laboratory experiments 
as well as theoretically by the use of geochemical modelling. In the repository, the bentonite 
will be in contact with cementitious materials which lead to increasing alkalinity of the pore 
water. Therefore, the experiments were carried out under hyperalkaline conditions (pH 12.5-
13). In the model region northern Germany, the host rock pore water can consist of up to 5 M 
NaCl and it can also interact with the cement. So, beside NaCl with different ionic strengths 
(0.1, 1, 5 M, pH 13) an ACW (I ≈ 3 M, pH 12.5) was used as background electrolyte for the 
adsorption experiments. For the first time, the adsorption of Cs+ on bentonite was investigated 
combining such hyperalkaline and high saline conditions.  
The Cs+ adsorption behaviour depended on the initial Cs+ concentration (5 nM-250 µM) is non-
linear. This contributes to the two different adsorption sites for Cs+ on clays containing mainly 
montmorillonite such as Calcigel. In accordance with the results for background electrolytes 
with low ionic strength in the literature, the retention of Cs+ decreases with increasing ionic 
strength even in very high saline solutions. The adsorption decreased also with increasing Cs+ 
concentration but even in 5 M NaCl at the highest Cs+ concentration (250 µM) the retention 
was still around 10%. Since much more bentonite as adsorbent will be used in a HLW disposal 
compared to these experiments, suitable retention of Cs+ is also in very high saline solutions 
very likely. 
Besides these experiments, a two-site surface complexation model was developed. With this 
model it was possible to determine the values of the Cs+, K+ and Ca2+ adsorption parameters 
for Calcigel. The selectivity constants for both binding sites are higher in the case of Cs+ and 
lower for the investigated competing ions (K+, Ca2+) compared to the literature determined in 
background electrolytes with lower ionic strength (0.1 M at maximum). This indicates, that the 
models developed for adsorption experiments in low saline background electrolytes are not 
absolutely transferable to high saline solutions.  
To determine the influence of the inhomogeneity of raw Calcigel, the adsorption of Cs+ was 




lower saline solution, the Cs+ adsorption on Na-montmorillonite did not depend much on the 
initial Cs+ concentration and was better reproducible than on Calcigel. In ACW, almost no 
differences between the two adsorbent materials were visible. There, the influence of the 
various competing ions in the background electrolyte is bigger than the influence of Calcigel’s 
inhomogeneity. 
To simulate realistic conditions in a HLW disposal, the adsorption of Cs+ on Calcigel was 
additionally investigated in the presence of Eu3+, UO22+ and I- as representatives of other 
elements contained in HLW. In 0.1 and 1 M NaCl, no differences compared to the single 
elements experiments could be observed. At higher salinity (ACW, 5 M NaCl), differences 
occur at the highest and lowest initial Cs+ concentration. For 5 nM Cs+, the retention decreased 
in ACW and increased in 5 M NaCl in the WC experiments. Since the Cs+ background of 
leached Cs+ out of Calcigel is about 21 nM, this can be contributed to measurement 
uncertainties. Contrary to this, the Cs+ retention decreased at 250 µM Cs+ in both solutions. 
This effect is also implied in 1 M NaCl. Here, further investigations at higher concentrations or 
with other additional HLW relevant elements are necessary.       
Kristina Brix is the corresponding author and planned, designed and wrote the publication. She 
carried out all experiments concerning the Ca-bentonite, analysed the samples and interpreted 
the results. The development of an appropriate ion exchange model and the modelling of the 
data were also done by Kristina Brix. Christina Hein was involved in planning the experiments 
and discussion of the results. She also revised the manuscript before publicising. Aaron Haben 
carried out the experiments concerning Na-montmorillonite and analysed the samples. The 
interpretation and discussion of the Na-montmorillonite results were done by Aaron Haben 
under the supervision of Ralf Kautenburger, Christina Hein and Kristina Brix. Ralf 
Kautenburger had supervision during all the experiments and writing. He was also involved in 
the discussion of the results as well as design and writing of the publication. He revised the 





These results have been published in Applied Clay Science. 
Brix, K., Hein, C., Haben, A., Kautenburger, R., 2019, Appl. Clay Sci. 182, 105275. 
https://doi.org/10.1016/j.clay.2019.105275 
Copyright (2019) Elsevier. 
 
 
Figure 14. Adsorption and simulation of Cs+ on Calcigel next to a schematic nearfield of a stored so-called waste cocktail 
surrounded by bentonite (Graphical abstract of Adsorption of caesium on raw Ca-bentonite in high saline solutions: influence 
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Fig. A1. PHREEQC input for the modelling of 1 nmol L-1 Cs+ in 0.1 M NaCl by using specific ion interaction theory. For other 






Fig. A2. PHREEQC solution input for the modelling in 1 M NaCl (Solution 2), artificial cement pore water (Solution 3) and 5 
M NaCl (Solution 4) at [Cs+]i = 1 nmol L-1 by using specific ion interaction theory. 
 
Table A1  
Selectivity coefficients logK normalised against Na+ refined for Davies-modelling. 
Selectivity coefficient logK This study Missana et al.
a 
Cs+ (T1) 7.79 7.64 
K+ (T1) 2.50 2.50 
Ca2+ (T1) 0.76 0.76 
Cs+ (T2) 1.80 1.70 
K+ (T2) 0.57 0.57 
Ca2+ (T2) 0.29 0.29 










Fig. A3. Concentration depended percental adsorption of Cs+ on Calcigel in 0.1 M NaCl at pH 13 and with Davies equation 
and specific ion interaction theory modelled curves calculated with ideal parameters for Davies modelling. 
 
 
Fig. A4. Concentration depended percental adsorption of Cs+ on Calcigel in 1 M NaCl at pH 13 and with Davies equation and 


















































Fig. A5. Concentration depended percental adsorption of Cs+ on Calcigel in artificial cement pore water (ACW) at pH 12.5 




Fig. A6. Concentration depended percental adsorption of Cs+ on Calcigel in 5 M NaCl at pH 13 and with Davies equation 


















































Fig. A7. Concentration depended percental adsorption of Cs+ on Calcigel in 0.1 M NaCl at pH 13 and modelled curve via 
specific ion interaction theory calculated with parameter from Cherif et al. (Surface complexation site density = 1.05•10-5 sites 
nm-2) (Cherif et al., 2017). 
 
 
Fig. A8. Concentration depended percental adsorption of Cs+ on Calcigel in 1 M NaCl at pH 13 and SIT modelled curve via 
specific ion interaction theory calculated with parameter from Cherif et al. (Surface complexation site density = 1.05•10-5 sites 
















































Fig. A9. Concentration depended percental adsorption of Cs+ on Calcigel in artificial cement pore water (ACW) at pH 12.5 
and SIT modelled curve via specific ion interaction theory calculated with parameter from Cherif et al. (Surface complexation 
site density = 1.05•10-5 sites nm-2) (Cherif et al., 2017). 
 
 
Fig. A10. Concentration depended percental adsorption of Cs+ on Calcigel in 5 M NaCl at pH 13 and SIT modelled curve via 
specific ion interaction theory calculated with parameter from Cherif et al. (Surface complexation site density = 1.05•10-5 sites 
















































Fig. A11. Concentration depended Kd values of Cs+ adsorption on Ca-bentonite and Na-montmorillonite in 0.1 M NaCl with 
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4. Summary and outlook  
 
This work deals with the retention of elements relevant for a HLW disposal on different clays 
and contributes to a long-term safety case for a potential HLW disposal in clay formations, 
especially in the model region northern Germany. Various experiments and theoretical studies 
concerning the retention of Eu3+, UO22+ and Cs+ on OPA as reference host rock and Calcigel as 
potential buffer and backfill material were performed. The gained results describe the behaviour 
of elements relevant for a HLW disposal under realistic conditions (with the exception of the 
solid to liquid ratio, used in the batch experiments).  
On OPA, the retention of Eu3+ increases with increasing pH value. It exceeds 50% in 0.01 M 
SP and PW (0.4 M) at both temperatures (25 and 60 °C) for pH > 6. In the case of UO22+, the 
retention is low in the neutral pH range, due to the formation of the neutral Ca2UO2(CO3)3 aquo 
complex. It increases again at pH ≥ 9. In the presence of humic acid, the retention of both metals 
increases under the investigated conditions. These results show that OPA could be a sufficient 
host rock for a HLW disposal in relation to the retention of UO22+ and three valent actinides. 
This is even the case under realistic conditions such as high salinity, pH > 7, room and elevated 
temperature and the presence of clay organic matter (Figure 15 and 16). 
Cs+ can be immobilised by Calcigel under alkaline conditions (pH 12.5-13) in high and very 
high saline background electrolytes (0.1-5 M NaCl, ACW) (Figure 17). That also applies in the 
presence of other HLW relevant elements (Eu3+, UO22+ and I-). In complex solutions (such as 
ACW), the inhomogeneity of the natural material Calcigel has no influence on the Cs+ retention. 
With regard to the Cs+ retention, Calcigel is a suitable buffer material for a HLW disposal even 
under conditions occurring in northern Germany. 
The developed ion exchange models for OPA and Calcigel are in very good agreement with the 
experimental data. The gained modelling parameters can be evaluated by applying them to other 
experiments under different conditions.     
A new method to quantify iodine via ICP-MS under acidic conditions was developed. The 
robustness was shown by different pH values (7 and 12.5) and ionic strengths (Milli-Q water 
to 5 M NaCl) of the background electrolyte. Only a small amount of one additional chemical 
(18 mg L-1 NaOCl for iodine concentrations ≤ 127 µg L-1) is needed and the reaction time is 
with 1-72 h very flexible. This method is not only useful in repository research. It simplifies 
the iodine quantification in presence of high valent metals in many, also very complex solutions 




Since the storage of dangerous materials such as HLW for around one million years is a very 
extensive topic, there is still a lot of research to do. The presented experiments concerning OPA 
and Calcigel should be conducted with interchanged adsorbents to obtain data at realistic 
conditions. Additionally, the retention behaviour of iodide and other elements relevant for HLW 
should also get investigated at the same conditions as it was done in this work. Due to probable 
precipitation effects, the geochemical modelling will be challenging in the hyperalkaline pH 
range. Nevertheless, hyperalkaline and high saline pore water is expected in the model for an 
HLW in northern Germany and was rarely considered in the literature, yet. 
 
 
Figure 15. Retention of Eu3+ on Opalinus Clay (OPA) under different conditions in 0.01 M NaOCl4 (a) and in OPA reference 







Figure 16. Retention of UO22+ on Opalinus Clay (OPA) under different conditions in 0.01 M NaOCl4 (a) and in OPA 
reference pore water (b). 

















 c(Cs+) = 5 nM
 c(Cs+) = 250 µM
 
Figure 17. Adsorption of the lowest (5 nM) and highest (250 µM) investigated initial Cs+ concentration on Calcigel in 0.1-5 M 
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